
 

This is an electronic reprint of the original article. This reprint may differ from the original 
in pagination and typographic detail. 

 
Occurrence of antibiotics in influent and effluent from three major wastewater
treatment plants in Finland
Kortesmäki, Ewelina; R Östman, Johnny; Meierjohann, Axel; Brozinski, Jenny-Maria; Eklund,
Patrik Christoffer; Kronberg, Leif
Published in:
Environmental Toxicology and Chemistry

DOI:
10.1002/etc.4805

Publicerad: 01/01/2020

Link to publication

Please cite the original version:
Kortesmäki, E., R Östman, J., Meierjohann, A., Brozinski, J-M., Eklund, P. C., & Kronberg, L. (2020).
Occurrence of antibiotics in influent and effluent from three major wastewater treatment plants in Finland.
Environmental Toxicology and Chemistry, 39(9), 1774–1789. https://doi.org/10.1002/etc.4805

General rights
Copyright and moral rights for the publications made accessible in the public portal are retained by the authors and/or other copyright owners
and it is a condition of accessing publications that users recognise and abide by the legal requirements associated with these rights.

Take down policy
If you believe that this document breaches copyright please contact us providing details, and we will remove access to the work immediately
and investigate your claim.

This document is downloaded from the Research Information Portal of ÅAU: 25. Jan. 2021

https://doi.org/10.1002/etc.4805
https://research.abo.fi/en/publications/e61d12ed-018f-40b0-9692-7da7cf268dc7
https://doi.org/10.1002/etc.4805


© 2020 The Authors wileyonlinelibrary.com/ETC

Environmental Toxicology and Chemistry—Volume 39, Number 9—pp. 1774–1789, 2020
Received: 9 April 2020 | Revised: 22 April 2020 | Accepted: 12 June 2020 1774

Environmental Toxicology

Occurrence of Antibiotics in Influent and Effluent from 3Major
Wastewater‐Treatment Plants in Finland

Ewelina Kortesmäki,* Johnny R. Östman, Axel Meierjohann, Jenny‐Maria Brozinski, Patrik Eklund, and Leif Kronberg

Laboratory of Organic Chemistry, Johan Gadolin Process Chemistry Centre, Åbo Akademi University, Turku, Finland

Abstract: Wastewater‐treatment plants (WWTPs) are regarded as one of the main sources of antibiotics in the environment.
In the present study, the concentrations of multiple antibiotics and their metabolites belonging to 5 antibiotic classes were
determined in 3 major Finnish WWTPs. An online solid phase extraction–liquid chromatography–tandem mass spectrometry
method was used for the extraction and analysis of the compounds. The method was fully validated using real and synthetic
wastewaters. Seven antibiotics and 3 metabolites were found in the analyzed samples. Sulfonamides were removed most
efficiently, whereas macrolides usually showed negative removal efficiency during the treatment, which means that the
concentrations for individual antibiotics determined in the effluent samples were higher than in the influent samples.
Sulfadiazine was found at concentrations up to 1018 ng/L, which was the highest concentration of any of the detected
antibiotics in influent. In the effluent samples, the highest mean concentration was found for trimethoprim (532 ng/L).
The measured mass loads of the antibiotics and metabolites to the receiving waters ranged from 2 to 157mg/d per
1000 population equivalent. The evaluated environmental risk assessment showed that clarithromycin and erythromycin
might pose a risk to the environment. The present study further underlines the importance of implementing technology for
efficient removal of xenobiotics during wastewater treatment. Environ Toxicol Chem 2020;39:1774–1789. © 2020 The
Authors. Environmental Toxicology and Chemistry published by Wiley Periodicals LLC on behalf of SETAC.
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INTRODUCTION
Large amounts of antibiotics are used worldwide to treat or

prevent various diseases in human and veterinary medicine and as
growth promoters in aquaculture and agriculture (Ventola 2015;
Klein et al. 2018). In recent years, the occurrence of antibiotics in
the environment has become a concern (O'Neill 2014). Many an-
tibiotics are not fully metabolized in the human or animal body,
and through excretion, the parent compounds, their transformation
products, and their metabolites enter wastewater‐treatment plants
(WWTPs; Ribeiro et al. 2015). Modern WWTPs which apply tertiary
treatment are capable of effectively reducing the concentrations of
carbon and nitrogen as well as microbial pollution. However, very
often the concentrations of some organic pollutants, such as some
antibiotics, are not sufficiently eliminated during the treatment
(Rizzo et al. 2013; Verlicchi et al. 2015); therefore, antibiotics are

frequently found in effluent waters (Dinh et al. 2017). The elimi-
nation efficiency of antibiotics in WWTPs often depends on the
treatment methods applied (Krzeminski et al. 2019). Some anti-
biotics have a low tendency to bind to activated sludge, and be-
cause of that, their microbial degradation might not be completed
within the hydraulic retention time of the WWTPs (Besha
et al. 2017). Therefore, antibiotics are frequently found in effluent
waters (Dinh et al. 2017). Discharge from WWTPs is one of the
main routes for organic compounds, such as antibiotics, to
enter the environment, and the presence of antibiotics in the
environment has been proven worldwide (Tran et al. 2018).

Antibiotics are regarded as “pseudopersistent” contaminants
because of their continuous introduction into ecosystems
(Lindberg et al. 2005). Antibiotics are usually excreted either un-
changed or transformed via the urine and feces of humans
(Ribeiro et al. 2015). The degree of metabolization of antibiotics in
humans and animals varies both between and within chemical
classes. For instance, the degree of human metabolism of
tetracyclines (TETR) and macrolides is <20%, whereas >80% of
sulfonamides are metabolized (Hirsch et al. 1999). The degree
of metabolization depends mainly on the species subjected to
the medication and its mode of application (Kümmerer 2009).
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One major issue caused by the presence of antibiotics in the
environment is that they might foster the development of anti-
biotic resistance (Kraemer et al. 2019). Even at relatively low
concentration levels (ng to low µg/L or g) in recipient waters and
sediments, antibiotics are considered potentially hazardous for
the aquatic biota, impacting their survival behavior and fostering
the development of antibiotic resistance genes (Gullberg
et al. 2014; Wang et al. 2014; Liu et al. 2018). For example,
bacteria isolated from sewage bioreactors have exhibited resist-
ance to some antibiotics, including trimethoprim (TMP), eryth-
romycin (ERY), and TETR (Costanzo et al. 2005); and antibiotic‐
resistant bacteria have been detected in sediments of rivers that
have been contaminated with antibiotics (Sabri et al. 2018).
Antibiotic‐resistant bacteria may also be found in the sludge that
may eventually be used as a fertilizer on agricultural fields
(Kümmerer 2009). The occurrence of antibiotic‐resistant bacteria
in the environment may be linked to the increased frequencies of
the use of antibiotics in the treatment of human infections
(Kümmerer 2009), and antibiotics in the aquatic environment thus
pose a health hazard for humans (Pruden et al. 2013).

The objective of the present study was to determine
the occurrence of the most commonly used antibiotics in
Finland as well as 3 of their major metabolites in both the
influents and effluents of 3 major municipal WWTPs in
Finland. The selected antibiotics belong to 5 different anti-
biotic classes: tetracyclines (TETR, doxycycline [DOXY],
oxytetracycline [OXY]), ß‐lactams (benzylpenicillin [BPEN],
phenoxymethylpenicillin [PHPEN], cloxacillin [CLOXA], ampi-
cillin [AMP], cephalexin [CEPH]), sulfonamides (sulfadiazine
[SDZ], sulfamethoxazole [SMX], N‐acetyl sulfadiazine [N‐SDZ],
and N‐acetyl sulfamethoxazole [N‐SMX]), diaminopyrimidine
(TMP), and macrolides (ERY, roxithromycin [ROXI], clari-
thromycin [CLARI], tylosin [TYL], and ERY enol ether
[ERY‐EE]). An environmental risk assessment (ERA) based on
the calculated risk quotient (RQ) for the maximum mean
concentrations detected in effluent waters for 3 trophic levels
and 6 antibiotics was carried out. This is the second
peer‐reviewed study on the occurrence of antibiotics and
their metabolites in any WWTPs in Finland and the first
study on these particular WWTPs. The studied WWTPs are
3 out of the 4 largest in Finland, based on the treated
amount of wastewater per year (Laitinen et al. 2014). The
study provides comprehensive and valuable information
about the occurrence of the most commonly used antibiotics
in Finnish wastewaters, which could be used for decision‐
making and improving wastewater‐treatment processes. The
data in the present study were obtained using the advanced
online solid‐phase extraction (SPE) method, which provides
several advantages over traditional SPE methods: 1) the
sample preparation is restricted to centrifugation for samples
containing particles, 2) it requires small sample volumes, and
3) the analysis time is reduced (Meierjohann et al. 2017).
The developed fast and reliable analytical methods were
applied to quantify multiple antibiotics among 5 different
classes. The developed method which combines online SPE
and liquid chromatography tandem mass spectrometry
(LC‐MS/MS) analysis can be used for multiple purposes, such

as rapid screening analysis or laboratory quality control
routines.

MATERIALS AND METHODS
Chemicals and materials

Analytical standards of CLARI, SDZ, SMX, TMP, ERY, tartrate
(TYL), sodium salt (CLOXA), and carbamazepine (CBZ) were
purchased from Sigma‐Aldrich. Analytical standards of DOXY
(hyclate), ERY‐EE, ROXI, penicillin V (PHPEN), N‐SDZ, N‐SMX,
monohydrate (CEPH), dehydrate (OXY), potassium salt, penicillin
G (BPEN), and the internal standards cephalexin‐D5 hydrate,
sulfadiazine‐D5, TMP‐D3, carbamazepine‐D8, 4‐epitetracycline‐
D6, and benzylpenicillin‐D7 potassium salt were purchased
from Toronto Research Chemicals. The analytical standard for
TETR (hydrochloride) was purchased from Amresco, and the
standard for AMP (sodium salt) was purchased from AppliChem
(Table 1).

Stock solutions of 1 mg/mL were prepared in methanol and
stored at –20 °C. For further dilutions of the antibiotics, ace-
tonitrile and ultrapurified water were used. The methanol used
was of high‐performance liquid chromatography grade. Liquid
chromatography‐MS‐grade acetonitrile was used for dilutions
and as mobile‐phase solution. All water was purified using an
ELGA Purelab Ultra water system. Formic acid for analysis
(>98%) was used as a mobile‐phase additive. Prior to use, all
glassware was washed with hot water, rinsed with distilled
water and acetone, and dried at 150 °C for 2 h. After that,
the glassware was washed using a saturated ethyl-
enediaminetetraacetic acid disodium salt dihydrate (VWR
Chemicals) solution in methanol according to the procedure
described by Hamscher et al. (2002) to prevent the binding of
TETR to free silanol groups.

Sample collections and site description
Sewage influent and effluent samples (2 L) were collected in

polypropylene bottles as 24‐h composite samples and stored
in the dark at –18 °C. Each of the composite samples consisted
of 24 individual grab samples taken in intervals of 1 h. Influent
samples were collected from waters received by WWTPs be-
fore any treatment, and effluent samples were collected from
outgoing waters that are released to the receiving waters after
final treatment. Samples were collected from 3 major municipal
WTTPs in Finland—Turku (A), Tampere (B), and Helsinki (C)—
during 3 consecutive days in the beginning of August 2014
(Figure 1). Samples were frozen until analysis. Two replicates of
each sample were collected for the laboratory analysis, and
each sample was analyzed in triplicate.

The treated amount of sewage in the studied WWTPs varied
from 65 000 to 278 000m3/d. WWTP A serves approximately
300 000 people and WWTP B approximately 220 000 people.
Based on the load, WWTP C is the largest in the Nordic
countries, serving approximately 800 000 people. The inves-
tigated WWTPs combine biological, mechanical, and chemical
processes for sewage treatments, including screening, ferrous
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salt addition, grit removal, sedimentation, aeration, activated
sludge, denitrification, nitrification, conventional activated
sludge, polymer addition, sand filtration, and/or biological fil-
tration in the primary and/or secondary treatments (Table 2).
Wastewater treatment plants A and C applied a tertiary
treatment—sand filtration and biological filter, respectively. No
disinfection step (such as chlorine, ozone, or ultraviolet treat-
ment) was applied in any of the investigated WWTPs (Helsinki
Region Environmental Services Authority n.d.; Tampereen
Seudun Keskuspuhdistamo Oy n.d.; Turun seudun puhdistamo
Oy n.d.).

In mechanical treatment processes, large objects and
particles are removed from the influent, allowing the solid
particles to settle. Chemical treatment involves chemical ad-
dition to precipitate ferrous sulfate and nutrients by flocking.
This treatment is often performed in an aeration tank in several
steps, some of which may be anaerobic. After aeration, there is
a secondary sedimentation stage such as biological filtration,
where the purification of the water is completed before it
is released into the environment. The formed sludge is
further treated and refined to be used as, for example, earth
filling materials (Von Sperling 2007). The hydraulic retention
time (hours) in the investigated WWTPs varied from 9.6 to 20 h.

The solids retention time (days) varied from 11 to 20 d
(Table 2).

Sample preparation
Before analysis, frozen samples were thawed, and 9.9mL of

the thawed samples were pipetted into 12‐mL glass vials. The
samples were divided into triplicate. The sample preparation
consisted of centrifugation (FP‐510 Centrifuge; Labsystems Oy)
at 4500 rpm for 30min of 9.9mL of influent or effluent sample
spiked with 100 µL of mixture of internal standards to reach the
final concentration of 10 ng/mL. After that, the liquid part of the
sample was transferred to 6‐mL vials without septum. The pH
values of the wastewater samples varied from 6.8 to 7.4.

Online SPE LC‐MS/MS method
For MS/MS analysis, an Agilent 6460 triple‐quadrupole mass

spectrometer equipped with an Agilent Jetspray electrospray
ionization source was used in dynamic multiple reaction mon-
itoring mode. Two transitions were monitored for each com-
pound, and the compounds were analyzed in positive

FIGURE 1: The investigated wastewater‐treatment plants in Finland: A= Turku; B= Tampere; C=Helsinki.

TABLE 2: Information about the studied wastewater‐treatment plants

WWTP
Influent flow

(m3/d)
Population
served SRT (d) HRT (h)

Preliminary
treatment

Secondary
treatment

Tertiary
treatment Recipient environment

A Turku 90 000 300 000 19 17.5 pre‐S+ fine
S+ Fe+G+ Sed

Fe+AS
(DN/N)+ Sed

SF Baltic Sea (Linnanaukko
Harbor basin,

Archipelago Sea)
B Tampere 65 000 220 000 11 20 pre‐S+ fine

S+ Fe+G+ Sed
CAS+ Pol+ Sed None Lake Pyhäjärvi

C Helsinki 278 000 800 000 10 9.6 S+G+ Fe+ pre‐
Aer+ Sed

AS (DN/
N)+ Fe+ Sed

MeOH+ BF Baltic Sea (Gulf of Finland)

Aer= aeration; AS= activated sludge; BF= biological filter; CAS= conventional activated sludge; DN= denitrification; Fe= ferrous salt addition; G= grit removal;
HRT= hydraulic retention time; N= nitrification; Pol= polymer addition; S= screening; Sed= sedimentation; SF= sand filtration; SRT= solids retention time;
WWTP=wastewater‐treatment plant.
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electrospray ionization mode (Table 3). The internal standard
(IS) method was used for quantification. Six isotope‐labeled ISs
were matched to the individual analytes by retention time and
compound class (Table 4).

Nitrogen (99.5%) was used as a drying gas, sheath gas,
nebulizer gas, and collision gas (purity of 99.999%). All the in-
strumental data, working principles of the online SPE system,
and optimization results are presented in Meierjohann et al.
(2017). Chromatographic separation was performed using an
Agilent 1290 binary pump (pump 1). For loading and enrich-
ment, an Agilent 1100 series binary pump (pump 2) coupled to
an Agilent 1260 autosampler was used. A reusable Agilent
Bond Elut online trapping column of spherical, rigid, macro-
porous polystyrene and divinylbenzene with the dimensions of
2.1 × 12.5mm (15–20 µm) was used (Meierjohann et al. 2017).

A 1.8‐mL aliquot of extract was injected onto an Agilent
Poroshell HPH C18 column (2.1 × 50mm, 2.7 µm) equipped with
a guard column (Agilent, EC C18 precolumn, 2.7 µm,
2.1 × 15mm). The eluents for both pumps 1 and 2 were 0.1%
formic acid in water (A) and 0.1% formic acid in acetonitrile (B).

Data quantification and method validation
A calibration curve of 7 concentrations (1, 5, 10, 50, 100,

500, and 1000 ng/L) was used for the quantification of anti-
biotics with a good linearity, >0.99.

Recoveries of the 19 target compounds were determined by
10 injections by the standard addition method at 10 and
100 ng/L. Limits of detection (LODs) of the antibiotics and

TABLE 3: List of compounds with precursor and product ions, as well as fragmentor voltage collision energy retention time used for the dynamic
multiple reaction monitoring method

Target compound Precursor ion MS1 Product ions Fragmentor (V) Collision energy (V) Retention time (min)

Ampicillin 350.1 159.9 110 12 5.47
106.2 20

Benzylpenicillin (G) 335.1 176.1 100 9 6.73
160 9

Carbamazepine 237.3 194 130 17 6.78
179 37

Cephalexin 348.1 174.1 95 9 5.42
158 5

Clarithromycin 748.5 158.1 165 29 6.84
83.1 60

Cloxacillin 436.1 277.1 100 9 7.34
160.1 9

Doxycycline 445.2 428.1 125 17 6.11
98.1 53

Erythromycin enol ether 716.5 558.4 165 13 6.82
158.1 29

Phenoxymethylpenicillin (V) 351.1 229.2 180 13 6.87
160 8

Erythromycin 734.5 576.2 160 16 6.45
158 32

N‐Acetyl sulfadiazine 293.1 134.1 110 21 5.53
65.1 49

N‐Acetyl sulfamethoxazole 296.1 134.1 110 25 6.24
65.1 49

Oxytetracycline 461.2 443.2 120 9 5.77
426.1 17

Roxithromycin 837.5 679.4 190 17 6.90
158.1 37

Sulfadiazine 251.1 156 105 13 5.41
92.1 25

Sulfamethoxazole 254.1 156 105 13 6.13
92.1 25

Tetracycline 445.2 427 110 8 5.62
410 16

Trimethoprim 291.2 230.1 130 21 5.39
123.1 25

Tylosin 916.5 174 215 44 6.60
101.1 56

4‐Epi‐tetracycline‐D6 451.2 416.2 135 17 5.54
Benzylpenicillin‐D7 342.1 183.1 90 9 5.71
Sulfadiazine‐D4 255 96.1 110 25 5.40
Trimethoprim‐D3 294 123.1 145 25 5.38
Cephalexin‐D5 353 158 95 5 5.56
Carbamazepine‐D8 245 202.1 105 20 6.75
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metabolites were determined as the lowest concentrations re-
sulting in a signal‐to‐noise ratio of 3. Limits of quantification
(LOQs) were calculated with a signal‐to‐noise ratio of 10
(Table 4). To check for background contamination, a standard
blank of ultrapurified water was analyzed between every
sample. To determine the matrix effect, 5 injections of the
analytes and ISs (at a concentration of 100 ng/L) in pure water
and synthetic wastewater matrix (Table 5) were performed. The
matrix effect was determined by calculating the ratios of the
peak areas of the analytes in the synthetic matrix and in clean
water. Synthetic wastewaters were used in the method vali-
dation tests to ensure that no traces of antibiotics were present
in the matrix. In addition, isotope‐labeled ISs were used after
rigorously testing their behavior and extraction efficiency in the

wastewater matrix for the quantification and for compromising
the matrix effect.

ERA
The ERA calculations were based on the RQ for each com-

pound. The RQ value was calculated by considering the worst
possible scenario according to the European guidelines (Com-
mission of the European Communities 2003), that is, by assuming
the highest concentration detected in the wastewater as the
measured environmental concentration (MEC). Environmental
risk was assessed by computing the RQ for 3 trophic levels:
algae, invertebrates, and fish. The RQ was calculated as a ratio
between the MEC and predicted‐no‐effect concentration (PNEC),

TABLE 4: Method validation results of the online solid‐phase extraction liquid chromatography tandem mass spectrometry method

Compound class Target compound
LOD
(ng/L)

LOQ
(ng/L) ME (%)

Repeatability
(RSD, %)

10 ng/L 100 ng/L Linearity (r2) q/Q ratio IS

Sulfonamides Sulfadiazine 0.75 5 76 10 3 0.993 0.77 Sulfadiazine‐D4

N‐Acetyl sulfadiazine 0.75 1 65 5 4 0.992 0.68
Sulfamethoxazole 0.1 1 72 6 11 0.994 0.9
N‐Acetyl sulfamethoxazole 0.75 1 69 14 7 0.993 0.69

Diaminopyrimidine Trimethoprim 0.5 1 73 4 1 0.992 0.74 Trimethoprim‐D3

Macrolides Erythromycin 0.25 1 75 16
(n= 9)

19 0.997 0.62 Trimethoprim‐D3

Erythromycin enol ether 2.5 5 135 24 12 0.996 0.95
Roxithromycin 5 10 122 20

(n= 9)
18 0.992 0.68 4‐Epi‐tetracycline‐D6

Clarithromycin 2.5 5 116 11 10 0.992 0.34
Tylosin 0.25 2.5 128 14 14 0.997 0.52

ß‐lactams Benzylpenicillin 0.5 1 61 4 1 0.995 0.87 Benzylpenicillin‐D7

Phenoxymethylpenicillin 0.5 1 79 4 7 0.990 0.74
Cloxacillin 0.5 1 65 6 2 0.992 0.98
Ampicillin 0.5 1 62 7 5 0.992 0.51 Cephalexin‐D5

Cephalexin 1 1 63 10 18 0.997 0.56
Tetracyclines Tetracycline 0.75 1 67 11 3 0.995 0.65 4‐Epi‐tetracycline‐D6

Doxycycline 0.75 1 79 6 8 0.991 0.3
Oxytetracycline 0.1 1 68 19 3 0.990 0.49

Anticonvulsant Carbamazepine 0.25 1 81 6 6 0.998 0.55 Carbamazepine‐D8

IS= internal standard; LOD= limit of detection (ng/L); LOQ= limit of quantification (ng/L); ME=matrix effect obtained in synthetic wastewater (%); RSD= relative
standard deviation.

TABLE 5: Composition of the synthetic wastewatera

Synthetic wastewater Nutrient solution

Component Concentration (mg/L) Component Concentration (g/L)

NaHCO3 328.2 EDTA 10.0
Yeast extract 209.7 FeCl3 × 6 H2O 1.50
Pepton 184.7 MnCl2 × 4 H2O 0.19
CH3COONa × 3 H2O 130.8 KI 0.18
CaCl2 × 2 H2O 70.0 H3BO3 0.15
MgSO4 × 7 H2O 60.9 CoCl2 × 6 H2O 0.15
NH4Cl 38.2 ZnSO4 × 7 H2O 0.12
KH2PO4 35.1 (NH4)6Mo7O24 × 4 H2O 0.04

CuSO4 × 5 H2O 0.03

aThe final synthetic wastewater was prepared through addition of 0.3 mL nutrient solution per liter of synthetic wastewater.
EDTA= ethylenediaminetetraacetic acid.
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divided by an assessment factor (usually 1000; equation 1:
RQ=predicted‐effect concentration [PEC]/PNEC). The PNEC
toxicity data were collected from various studies. In addition, the
corresponding dilution factor (DF) from the “National Annual
Media Dilution Factor” calculated for each country by Keller et al.
(2014) was applied to the calculation (Equation 2: PEC=MEC/
DF). The approach suggested by Keller et al. (2014) combines the
ratio between the volume of freshwater available and the do-
mestic sewage discharge. However, following the European
guidelines (Commission of the European Communities 2003), a
default DF of 100 was applied; and the results were compared.
Experimental toxicity data for the target antibiotics was available
in the literature, and the PNEC calculated from these data was
used. The RQ was evaluated according to commonly used risk‐
ranking criteria (Commission of the European Communities 2003):
RQ< 0.1 is considered low environmental risk, 0.1<RQ< 1 is
considered moderate environmental risk, 1< RQ< 10 is consid-
ered high environmental risk.

RESULTS AND DISCUSSION
Method performance and quality control

In most cases, a complex wastewater‐like matrix requires a
separate sample preparation step, such as SPE, for sample
concentration and cleanup, prior to the analysis. Therefore, to
develop a method that will combine both quick sample prep-
aration and advanced analysis might be challenging. The de-
veloped online SPE LC‐MS/MS method for analyzing multiple
antibiotics proved to be fast (total analysis time of 7.5min) and
reliable, performing well in method validation.

The LODs obtained in the test varied from 0.75 to 5 ng/L.
For all compounds, the LOD and LOQ depended rather on the
individual compounds than on the group of the compounds (or
the compound class). For CEPH, ROXI, and CLARI, the LOD
was <1 ng/L. The LOQs ranged from 1 to 10 ng/L. Although the
LOQs of TETR, β‐lactams, and all sulfonamides except for SDZ
(LOQ= 5 ng/L) were 1 ng/L, macrolides tended to have slightly
higher detectability. In the case of macrolides, the LOQ was
1 ng/L for ERY; and for ERY‐EE, ROXI, CLARI, and TYL, the
LOQs were 5, 10, 5, and 2.5 ng/L, respectively (Table 4). Ach-
ieving good sensitivity (low LODs and LOQs) plays an im-
portant role, especially in analyzing environmental samples
where the concentrations might be low.

The matrix effect for all compounds varied from 61 to 178%.
For sulfonamides, the matrix caused a suppression of ionization
that ranged from 15 to 36% (mean 20%). Antibiotics belonging to
the macrolide class showed matrix enhancement in most cases
(besides ERY, 75%) ranging from 116 to 135% (Table 4).

The repeatability of the method was assessed by calculating
the relative standard deviation (RSD, percentage) for the 19
target compounds for 10 replicate injections at concentrations
of 10 and 100 ng/L. The RSDs for 10 and 100 ng/L of the
studied antibiotics were 4 to 24% and 1 to 19%, respectively.
Repeatability at 10 ng/L of ERY‐EE and ROXI was 24 and 20%
(n= 9), respectively. This might be because the LOQ values for
these compounds were relatively close to the tested concen-
trations for the repeatability.

The calculated standard deviation (SD) for all the analyzed
compounds was <20%. No group‐specific patterns of SD were
observed. The linear response of the method proved to be
good over the calibration range, with an r2 value in excess of
0.99 for all compounds. From all the studied antibiotic groups,
macrolides proved to be analytically challenging, the matrix
effect rising to 135%, compared to other compounds with
higher RSD and higher LOQ values.

Occurrence of antibiotics in influent and effluent
samples

In the present study, the presence of antibiotics in the 3
WWTPs (A, B, and C) on 3 consecutive days was determined
(Table 6). The mean removal efficiency (percentage) was cal-
culated based on the mean concentrations of antibiotics in
influent and effluent of the 3 consecutive days (Table 6). The
mean concentrations of the consecutive days of influent and
effluent in 3 WWTPs are presented in Figure 2. The mean re-
moval efficiencies in all investigated WWTPs are presented in
Figure 3. In all the investigated WWTPs, treatment was based
on phosphorus precipitation by ferrous sulfate. Plant B applied
conventional activated sludge treatment and polymer addition
for the removal of biologically degradable organic matter,
whereas the other 2 WWTPs applied an activated sludge
process together with denitrification to enhance the nitrogen
removal. A long solids retention time was found to have
a positive effect on the removal of several compounds
that are mainly removed by biodegradation, such as TMP
(Leu et al. 2012).

Sulfonamides. All 4 investigated sulfonamides (SDZ, SMX,
and the metabolites N‐SDZ and N‐SMX) were found in all
WWTPs (Table 6). In general, sulfonamides were the most
abundant antibiotics in wastewater (Figure 2), with SDZ being
the major antibiotic in all influent water collected from the
WWTPs (326–1069 ng/L). In WWTPs B and C, the concentrations
of the metabolite N‐SDZ were in the same range as those of
SDZ. In contrast, the concentrations of N‐SDZ in the influent
of WWTP A were almost 5 times lower than the concentrations
of SDZ. The concentrations of SMX in the influent samples were
lower (ranging 20–71 ng/L) than the concentrations of SDZ. The
metabolite N‐SMX was not found in the influent samples from
WWTP A, whereas its concentrations in WWTPs B and C were in
a similar range to the concentrations of the parent compound.

In effluent waters, the concentrations of SDZ were lower
than concentrations found in the influent samples (Table 6).
Concentrations of SDZ in the effluent samples were <194 ng/L.
Its mean removal rate in all WWTPs was approximately 83%.
Concentrations of the metabolite N‐SDZ were lower than those
of SDZ (101–173 ng/L). The mean removal efficiency of the
metabolite N‐SDZ in all the WWTPs was lower than that of SDZ
(∼62%). The SMX concentration was below the detection limit
(0.1 ng/L) in WWTP A, but in the effluent samples of WWTPs B
and C, the compound was detected at a concentration <10 ng/L.
The metabolite N‐SMX was below the LOD in all the effluent
samples.
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N‐Acetylated products are the major metabolites of sulfo-
namides, which are biologically inactive while entering sewage
(Davis 1943). During wastewater treatment, the metabolites
can transform back to the active parent compounds (Göbel
et al. 2005), which can lead to negative removals of these
compounds or to underestimation of their removal efficiencies.
This process might be one of the reasons for the high variations
in removal rates presented in the literature (Birošová et al.
2014; Yuan et al. 2014; Papageorgiou et al. 2016).

In a previous study, SDZ was detected in a Greek WWTP at
concentrations up to 846 and 194 ng/L in influent and effluent,
respectively, only during the spring season (Papageorgiou
et al. 2016). According to the literature, SMX is one of the most
commonly detected sulfonamides in WWTPs worldwide (Hanna
et al. 2018). In another WWTP in Finland, SMX was found at
mean concentrations of 202 and 130 ng/L in influent and ef-
fluent, respectively (Ngumba et al. 2016). In Slovakia, SMX was
detected at concentrations of 103 and 88 ng/L in influent
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and effluent, respectively (Birošová et al. 2014). Another study
reported SMX in a WWTP in Greece at average concentrations
of 88 and 17 ng/L in influent and effluent, respectively
(Papageorgiou et al. 2016).

TMP (diaminopyrimidine). Trimethoprim was detected in all
investigated WWTPs in both the influent and effluent samples
(Table 6). In influent, TMP was found to occur at concentrations
ranging from 170 to 490 ng/L. Concentrations of TMP in ef-
fluent waters were not considerably lower than in influent
samples, but in WWTP B, the concentration in the effluent
was approximately twice as high as in the influent water. Pos-
sibly, an effective deconjugation of TMP metabolites takes
place in this treatment plant, resulting in an enhanced con-
centration of the parent compound in the effluent samples
(Dinh et al. 2017). Previous studies have shown that TMP is
metabolized to glucuronide conjugates that are cleaved
by bacteria during the wastewater‐treatment processes
(Nordholm and Dalgaard 1984).

According to the consumption data published by the Finnish
Medicines Agency (Fimea n.d.), TMP is used more than any of the
analyzed sulfonamides. However, the concentrations of TMP were
lower than those of the sulfonamides. This could indicate that TMP
is metabolized to a greater degree than the sulfonamides
(McEvoy 2004; Rongkavilit et al. 2010; Table 1). In human medi-
cine TMP is commonly used in combination with sulfonamides at a
ratio of 1:5 (Göbel et al. 2005). A ratio of 1:4 in influent from
WWTP A between TMP and SDZ was noticed. However, the
combination ratio between TMP and SDZ could not be observed
in any other samples. On the other hand, the concentration of
SMX in every influent sample was approximately 6 times lower
than the concentration of TMP, which indicates that the use of SDZ
in combination with TMP in Finland was preferred and that TMP is
used as the synergist for other sulfonamides besides SDZ or SMX.
The presence of TMP might imply that at least 5 times as much
SMX is consumed. A review evaluating the SMX/TMP ratio as a
potential marker in raw wastewater has concluded that hospital
effluents and WWTP influents presented similar SMX/TMP foot-
prints, whereas livestock effluents showed higher SMX/TMP ratios,
mostly because of the use of SMX alone (Thiebault 2020).

In another study in Finland, TMP was reported to be
present at a mean concentration of 558 ng/L in the influent
and 517 ng/L in the effluent of one WWTP (Ngumba
et al. 2016). In Italy, TMP was reported at concentrations
of 59 and 40 ng/L in influent and effluent, respectively
(Verlicchi et al. 2014). A study from Slovakia reported TMP
at concentrations of 100 and 87 ng/L in influent and effluent,
respectively (Birošová et al. 2014).

Macrolides. All the investigated macrolides (CLARI, ERY,
ROXI, TYL, and the metabolite ERY‐EE) were found in the in-
fluent samples with the exception of TYL, which could not be
found in any of the analyzed samples (Table 6). The macrolide
CLARI was detected in all influent waters (50–327 ng/L), and
ERY was found at concentrations <27 ng/L in all influent sam-
ples, with the exception of the sample collected on the third
sampling day from WWTP A, where the concentration was

close to 700 ng/L. The concentration of the metabolite ERY‐EE
was also increased (∼1400 ng/L) in the third sample from
WWTP A, whereas in the samples from the first 2 d, the con-
centration of ERY‐EE was significantly lower (≥41 ng/L). In a
duplicate of the sample from the same day the results were
similar. In addition, the samples were analyzed several times,
and the results were in agreement. No obvious explanation for
the extreme concentrations in this sample could be found. The
samples were stored and treated in the same way as all other
samples, and all the quality precautions were performed cor-
rectly. In addition, the sample preparation includes only
2 simple steps: addition of internal standards and cen-
trifugation of the sample. Thus, transformation to another
molecule was very unlikely. Previous studies showed that ERY is
unstable under strong acidic condition and will be converted
into ERY‐EE (Hirsch et al. 1999; Zhang and Li 2011). The var-
iations in the concentrations of ERY and its metabolite ERY‐EE
during the sampling campaign were on average 53 times
higher on the third day than on the other 2 d. To better un-
derstand the occurrence of the antibiotics, more sampling
events through the whole year would be necessary. According
to the study performed by Marx et al. (2015) for antibiotics that
show fluctuating input loads, 30 to 40 samples through the year
are needed for representative determination of the concen-
trations in WWTPs. In influent waters, ROXI was found at con-
centrations similar to those of other macrolides (besides CLARI;
commonly <70 ng/L). The highest concentration of ROXI was
observed in the samples from WWTP C (60–145 ng/L).

In WWTPs A and B, the concentration of CLARI was higher in
the effluent samples than in the influent samples, providing
negative removal efficiency (Table 6). In WWTP C, the mean
removal rate for CLARI was 34%. Also, the concentrations of
ERY and the metabolite ERY‐EE were higher in effluent samples
from WWTPs B and C, and they thus showed negative removal
efficiencies. No extraordinarily high concentrations of ERY and
ERY‐EE were detected in the effluent sample corresponding to
the influent sample from the WWTP A sample, where these
compounds were detected at extremely high concentrations.
The removal rate of ROXI was 12 and 26% at WWTPs A and C,
respectively. All macrolides were found to have negative re-
moval efficiencies in WWTP B, which does not apply a tertiary
treatment process; and this might be an explanation for the
negative removal efficiencies.

In addition, the negative removal rate of some compounds,
such as ROXI, might be related to their low measured concen-
trations, which makes them more susceptible to sampling errors
or analytical errors. In other cases, the negative removal rate
might result from persistence of the compound, a stronger
matrix effect in the influent sample (Rossmann et al. 2015), or the
transformation of conjugates back to the parent compounds
during the wastewater‐treatment processes (Göbel et al. 2005).

Three of the macrolides, CLARI, ERY, and azithromycin
(not included in the present study), have been added to the
European Union's watch list of potential priority substances,
which was adopted in 2015 (Water Framework Directive 2013,
Directive on Environmental Quality Standards [EQS]; in Deci-
sion 2015/495 [European Commission 2015]). The substances
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were selected based on data on their occurrence, available
treatment applied in WWTPs, and drinking water production.
To our knowledge, no decision has yet been made on whether
EQS should be set for these substances under the Water
Framework Directive.

The results of previous studies on macrolides have been
comparable to ours. In Slovakia, CLARI was found at high
concentrations of 1646 ng/L in influent samples and 1260 ng/L
in effluent samples, with a mean removal efficiency of 22%
(Birošová et al. 2014). In the same study, ERY was detected at
concentrations of 82 and 14 ng/L in influent and effluent, re-
spectively, with a mean removal efficiency of 84% (Birošová
et al. 2014). The concentrations of ROXI found in Italy were
65 and 290 ng/L in influent and effluent, respectively, with a
negative removal efficiency (Verlicchi et al. 2014).

β‐Lactams. Although β‐lactams are very frequently used in
Finland (Table 2), none of them could be detected in the influent
samples, and only low concentrations of CLOXA (<30 ng/L)
could be observed in some effluent samples (WWTPs B and C;
Table 6).

With a high resistance to the β‐lactamase enzymes, CLOXA
is consequently more stable than the other β‐lactams studied
(O'Callaghan and Muggleton 1967). In addition, the β‐lactam
ring is easily opened by chemical hydrolysis and by the bac-
terial β‐lactamase enzymes, resulting in inactive compounds.
Because of their instability, β‐lactams are not considered to
pose a threat to the environment (Cha et al. 2006).

Even though some studies have reported the presence of a
few β‐lactams in influent waters, these compounds tend to be
removed significantly in wastewater‐treatment processes (Van
den Meersche et al. 2016). For example, >96% of CEPH (from
∼2000 ng/L in influent to 78 ng/L in effluent) was removed in a
conventional WWTP in Australia (Costanzo et al. 2005). In an-
other study, from Canada, CLOXA was found at concentrations
of 19 and 12 ng/L in influent and effluent, respectively (Guerra
et al. 2014), and PHPEN was detected at concentrations of 50
and 14 ng/L in influent and effluent, respectively (Guerra
et al. 2014). In Greece, AMP was found in a WWTP at average
concentrations of 1243 and 150 ng/L in influent and effluent,
respectively (Papageorgiou et al. 2016).

TETR. Despite the frequent detection of TETRs in other
sewage‐treatment plants worldwide and their high use in
Finland, TETRs could not be detected in the present study.
Previous studies have shown that TETRs sorb onto activated
sludge, sediments, and particles to a greater extent than other
antibiotics (Samuelsen et al. 1992) and that their concentrations
might thus be below the LOD.

However, in a study of a smaller WWTP in Finland (Jyväskylä
WWTP, which receives an average of 35 000m3 of wastewater
per day and serves a population of 150 000), TETR was detected
at mean concentrations of 37 ng/L in influent and 18 ng/L in ef-
fluent (Ngumba et al. 2016). In addition, in the same study,
DOXY was found at the mean concentrations of 55 and 18 ng/L
in influent and effluent, respectively (Ngumba et al. 2016). In one
of the WWTPs in a Slovakian study, TETR was found at

approximately 6 ng/L in both influent and effluent waters
(Birošová et al. 2014). In Sweden, DOXY was detected at con-
centrations up to 2480 ng/L in influent and up to 915 ng/L in
effluent (Lindberg et al. 2005). However, DOXY in a WWPT
in Slovakia was detected at concentrations of 13 and 4 ng/L in
influent and effluent, respectively (Birošová et al. 2014), and
OXY was detected at concentrations of 8 ng/L in influent and
<3 ng/L in effluent (Birošová et al. 2014).

CBZ. In the present study, CBZ was included as a tracer for
wastewater contamination. Previous studies have demon-
strated that CBZ is very stable and resistant to biodegradation,
and thus the compound can be used as a marker for natural
waters mixed with effluent‐originated waters (Hajj‐Mohamad
et al. 2014; Tran et al. 2018).

Carbamazepine was detected in all effluent and influent
samples (47–417 ng/L; Table 6). In all investigated WWTPs, CBZ
had a negative removal efficiency, which is to say that in all cases
the concentrations of CBZ in individual samples from effluent
were higher than the concentrations in influent samples. This
result is in accordance with the findings of previous studies (He
et al. 2019). It has been argued that the negative removal rate of
CBZ results mainly from the deconjugation of the glucuronide‐
N‐carbamazepine during digestion by bacteria in wastewater‐
treatment processes (Maggs et al. 1997). Multiple studies have
reported high concentrations of CBZ in the aquatic environment
(Brumovský et al. 2017; Björlenius et al. 2018), and thus, CBZ has
received growing attention as an emerging contaminant based
on its potential threat to aquatic organisms (Aguirre‐Martínez
et al. 2013; Tsiaka et al. 2013; Hampel et al. 2014).

Calculations of measured mass loads
The concentrations of antibiotics in the influent and effluent

of the three 24‐h composite sampling intervals were averaged,
and the average concentrations were then used to calculate
average daily mass fluxes to the WWTPs and receiving waters
(mg/d/1000 population equivalent). The average mass fluxes of
each antibiotic were calculated by multiplying the measured
average concentrations of antibiotics (ng/L) by the average in-
fluent flow (m3/d) and dividing by the average population
served (Table 7). For comparison reasons, the results were
normalized to 1000 population equivalent in Table 7.

Because the sampling was performed during summer, no
extra loads from melting snow contributed to the overall flow
rate. During the sampling time, no considerable rain was no-
ticed. The individual loads of the studied antibiotics, ranging
between 0.3 and 0.35 g/d, were similar in all the studied
WWTPs because of their similarity in size.

The biggest mass loads were noticed for sulfonamides,
ranging from 8 to 305mg/d per 1000 population equivalent to
WWTPs and from 2 to 53mg/d per 1000 population equivalent
to the environment (Table 7). The mass loads of TMP ranged
from 64 to 126mg/d per 1000 population equivalent to
WWTPs and from 63 to 157mg/d per 1000 population equiv-
alent to the environment. The mass loads of macrolides ranged
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from 2 to 148mg/d per 1000 population equivalent to WWTPs
and from 7 to 62mg/d per 1000 population equivalent to the
environment. The mass loads of CLOXA to WWTPs and to the
environment were negligible. The mass loads of CBZ through
the WWTPs ranged from 26 to 45mg/d per 1000 population
equivalent to WWTPs and from 69 to 74mg/d per 1000 pop-
ulation equivalent to the environment (Table 7).

To compare, in another study, the mass loads of SMX and TMP
into Ryaverket WWTP (situated in Gothenburg, Sweden) were
observed to range from 10 to 70mg/d per 1000 population
equivalent and from 10 to 130mg/d per 1000 population equiv-
alent, respectively. The WWTP served approximately 628 000 to
726 000 people, and the flow rates ranged from 2.99 to 7.24m3/s
during the study (Paxéus et al. 2016). The mass loads of SMX in
the studied Swedish WWTP were smaller compared to the
WWTPs investigated in the present study, whereas the mass loads
of TMP were comparable to WWTP C (Paxéus et al. 2016) The
studied Swedish WWTP and WWTP C were comparable in size.
The authors of the study in Sweden reported decreased mass
loads of TMP and SMX over approximately 9 yr, originating from
the recommendations of the Swedish Strategic Program for Ra-
tional Use of Antimicrobial Agents and Surveillance of Resistance
to limit the use of antibiotics.

Another study, from Switzerland, reported the mass loads of
several antibiotics in the effluent waters of 2 WWTPs (Göbel
et al. 2005). The average mass loads of SMX and N‐SMX were 121
and 302mg/d per 1000 population equivalent, respectively. The
mass load of TMP was calculated to be 76mg/d per 1000 pop-
ulation equivalent. The mass loads of the macrolides CLARI, ROXI,
and ERY‐EE were 118, 10, and 32mg/d per 1000 population
equivalent, respectively. In the effluent, the mass loads ranged
from 84 to 340mg/d per 1000 population equivalent and from 8 to
120mg/d per 1000 population equivalent for SMX and TMP, re-
spectively. For ROXI and ERY‐EE, the mass loads ranged from 4 to
12mg/d per 1000 population equivalent and from 24 to 44mg/d
per 1000 population equivalent (Göbel et al. 2005). These mass
loads are close to our results, although the Finnish WWTPs were
approximately 3 times smaller (Göbel et al. 2005). Another study,
from Italy, reported mass loads for SMX, 61 and 7mg/d per 1000
population equivalent in the influent and effluent of one WWTP,

respectively. The mass loads were, for TMP, 14 and 12mg/d per
1000 population equivalent and, for ERY‐EE, not detected and
11mg/d per 1000 population equivalent in the influent and
effluent, respectively (Lindberg et al. 2005). A study from Italy
reported the mass loads of SMX into the receiving river to be on
average 27mg/d per 1000 population equivalent from 4 WWTPs
(Spataro et al. 2019).

During the summer, when the sampling for the present
study was performed, the mass loads of antibiotics to WWTPs
and to receiving waters might be lower than during winter.
Several studies have shown that the concentrations and the
detection frequency of antibiotics are mostly higher in the
winter (Golovko et al. 2014; Mohapatra et al. 2016). This might
be for several reasons, such as increased antibiotic con-
sumption during the winter associated with treatment of the
common cold, respiratory tract infection, flu, and similar in-
fections common during the winter. Another reason might be
the higher water consumption during summer, which leads to
antibiotics being more diluted.

ERA
The ERA based on the calculated RQ for the maximum

concentrations detected in any WWTPs for 6 antibiotics and
3 trophic levels are presented in Table 8. The MEC was divided
by a DF calculated by Keller et al. (2014; DF= 1702.28). It must
be noted that according to the European guidelines (Com-
mission of the European Communities 2003) on calculating
PEClocal, the DF that is applied for calculation of the local
concentration in surface water should not be >1000. In addi-
tion, it should be kept in mind that complete mixing of the
effluent in the surface water can take a long time, especially in
the Baltic Sea, where no tidal influences are present. The initial
DF is usually approximately 10. A DF for discharges to a coastal
zone of 100 may then tentatively be assumed, which seems to
be representative of a realistic worst‐case scenario.

When applying the calculated DF by Keller et al. (2014), the
results showed that most of the RQ values were close to zero
(RQ1, Table 8). Only RQ1 values for CLARI and ERY for algae

TABLE 7: Daily mass loads of antibiotics to wastewater treatment plants (WWTPs) and to the receiving waters per 1000 capita

WWTP

Mass loads of antibiotics to WWTPs (mg/d/1000 PE)

SDZ N‐SDZ SMX N‐SMX TMP CLARI ERY ERY‐EE ROXI CLOXA CBZ

A 305 80 12 n.a. 72 52 70 148 12 n.a. 26
B 109 143 14 8 64 17 2 5 2 n.a. 45
C 166 128 19 23 126 76 6 16 31 n.a. 44

Mass loads of antibiotics to receiving waters (mg–1 d–1 1000 PE–1)

Receiving waters SDZ N‐SDZ SMX N‐SMX TMP CLARI ERY ERY‐EE ROXI CLOXA CBZ

Archipelago Sea 53 34 n.a. n.a. 63 62 10 16 11 n.a. 74
Lake Pyhäjärvi 38 33 2 n.a. 157 37 10 9 7 8 69
Gulf of Finnland 16 57 2 n.a. 121 51 18 60 23 4 69

A= Turku; B= Tampere; C=Helsinki; CBZ= carbamazepine; CLARI= clarithromycin; CLOXA= cloxacillin; ERY= erythromycin; ERY‐EE= erythromycin enol ether;
n.a.= estimated calculations not available, concentration of target antibiotic <LOQ; N‐SDZ=N‐acetyl sulfadiazine; N‐SMX=N‐acetyl sulfamethoxazole; PE= population
equivalent; ROXI= roxithromycin; SDZ= sulfadiazine; SMX= sulfamethoxazole; TMP= trimethoprim.
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showed that the value is <0.1, which is considered to be low
environmental risk. It should not be forgotten that the RQ value
only takes the parent compound into consideration, although
the metabolites show similar pharmacological activity to the
parent molecule (Besse et al. 2008). In addition, the risk was
calculated for each compound individually, not including a
mixture of multiple antibiotics and other substances that are
simultaneously released to the environment. Therefore, the risk
for the environment and humans might actually be higher. The
low impact of antibiotics to the environment in the present
study is in agreement with other studies worldwide (Faleye
et al. 2019; Rodriguez‐Mozaz et al. 2020).

If the default DF of 100 is used, the calculated RQ2 for CLARI
in algae showed 1< RQ, which is considered to be high risk.
For ERY at algae level the RQ was 0.1< RQ< 1, which is con-
sidered to be moderate risk. The environmental risk of anti-
biotics in regard to direct toxicity can thus not be ignored and
might need to be considered besides the commonly addressed
antimicrobial resistance issue.

CONCLUSIONS
In the present study, a total of 18 antibiotics belonging to

5 different classes were investigated. Compounds representing
3 classes of antibiotics were detected in the 3 major WWTPs in
Finland. No compounds belonging to the β‐lactam or TETR
class were found in any of the samples collected from influent
waters. Macrolides and sulfonamides were the most frequently
detected groups of antibiotics out of the investigated classes.
Overall, the highest antibiotic concentrations were detected in
WWTP A, where SDZ, N‐SDZ, SMX, TMP, CLARI, ERY, ERY‐EE,
and ROXI were detected. Besides the antibiotics detected in

WWTP A, N‐SMX and CLOXA were detected in WWTPs B and
C. The removal efficiencies of antibiotics were shown to be
higher in WWTP A than in the other 2 WWTPs. In contrast, the
lowest removal efficiencies were found in WWTP B, which is the
only one that does not apply a tertiary treatment process. Many
of the compounds were not removed during the wastewater‐
treatment processes, and some antibiotics, especially macro-
lides, were present at higher concentrations in the effluent than
in the influent. This might be attributable to the possible con-
version of the conjugated metabolites to the parent compound
by enzymatic processes in the treatment plant. In addition, the
occurrence and removal rates of antibiotics might depend on
many factors such as the structure and initial concentration of
antibiotics in the influent, wastewater composition, treatment
process, and the season of the year.

From the investigated antibiotic classes, sulfonamides had
the highest removal rate in WWTPs. Even though some of the
antibiotics were not detected in either the influent or the ef-
fluent, they might still have been present in those samples at
concentrations lower than the LODs. The assessed environ-
mental risk proved to be negligible for most of the compounds
and trophic levels. Depending on the applied DF, CLARI and
ERY can pose an insignificant to moderate risk for the aquatic
environment, especially at the algae level. However, it should
be remembered that the estimations are based only on
the parent compound and no mixtures of xenobiotics being
simultaneously released to the environment.

The results obtained in the present study are in agreement
with previously published data on antibiotics in wastewater.
The detected concentrations as well as mass loads were com-
pared to those observed by previous studies. Determination of
the trend of the occurrence of the antibiotics in the receiving
waters is necessary for protecting aquatic life. When comparing

TABLE 8: Summary of the aquatic toxicity data, maximum concentration, and calculated risk quotient for the detected antibiotics

Antibiotics Target species Toxicity data (mg/L) Reference MEC (ng/L) RQ1 RQ2

Sulfadiazine Microcystis aeruginosa EC50= 0.135 Holten‐Lützhøft et al. (1999) 178 0.00 0.01
Daphnia magna EC10= 8.8 Wollenberger et al. (2000) 178 0.00 0.00
Cirrhinus mrigala EC50= 200 Bundschuh et al. (2015) 178 0.00 0.00

Sulfamethoxazole M. aeruginosa EC50= 0.55 Grinten et al. (2010) 7 0.00 0.00
Daphnia magna NOEC= 0.12 Lu et al. (2013) 7 0.00 0.00
Danio rerio NOEC= 0.533 Madureira et al. (2012) 7 0.00 0.00

Trimethoprim Pseudokirchneriella subcapitata EC50= 40 Yang et al. (2008) 210 0.00 0.00
Brachionus koreanus EC50= 198.5 Rhee et al. (2012) 210 0.00 0.00
Danio rerio NOEC= 100 Blaise et al. (2006) 210 0.00 0.00

Clarithromycin P. subcapitata EC50= 0.002 Isidori et al. (2005) 207 0.06 1.04
Daphnia magna EC50= 25.72 Isidori et al. (2005) 207 0.00 0.00
Oryzias latipes LC50>100 Kim et al. (2009) 207 0.00 0.00

Erythromycin P. subcapitata EC50= 0.020 Isidori et al. (2005) 532 0.02 0.27
Daphnia magna EC50= 22.45 Isidori et al. (2005) 532 0.00 0.00
O. latipes LC50>100 Kim et al. (2009) 532 0.00 0.00

Roxithromycin Vibrio fisheri IC50>1000 Choi et al. (2008) 146 0.00 0.00
Daphnia magna EC50= 7 Choi et al. (2008) 146 0.00 0.00
O. latipes LC50= 288 Choi et al. (2008) 146 0.00 0.00

Carbamazepine Chlorella vulgaris EC50= 74 Moermond and Smit (2016) 246 0.00 0.00
Daphnia magna EC50= 70 Moermond and Smit (2016) 246 0.00 0.00
O. latipes LC50= 35 Moermond and Smit (2016) 246 0.00 0.00

EC10/EC50= 10 and 50% effect concentrations, respectively; IC50= 50% inhibition concentration; LC50= 50% lethal concentration; MEC=measured environmental
concentration; NOEC= no‐observed‐effect concentration; RQ= risk quotient; Bold in RQ1= indicates elevated risk quotient, low environmental risk; Bold in RQ2=
indicates elevated risk quotient, moderate to high environmental risk.
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the solids retention time and hydraulic retention time for in-
dividual WWTPs, no significant differences in removal of the
antibiotics were noticed.

The online SPE method was shown to be fast and reliable for
the analyses of multiple antibiotics in wastewater matrices. The
sample preparation time and steps are reduced, which dimin-
ishes the possibility of mistakes during sample treatment and
reduces analytical variation. In addition, the method can be
applied to various matrices and applications in the future when
automation will become vital.

The issues associated with antibiotic resistance are be-
coming of increasing concern to the public and decision
makers. In future, this concern might lead to the need for
continuous surveys of antibiotics, especially macrolides and
sulfonamides, in WWTPs around the globe.

Acknowledgment—The Maa‐ja Vesitekniikan Tuki Ry (grants
31943 and 32890), the CIMO Foundation, and the Åbo
Akademi University Foundation are kindly acknowledged for
their financial support. N. Leino and H. Ilmanen (from Lounais‐
Suomen vesi‐ja ympäristötutkimus oy, Turku); K. Murtonen and
E. Lehtinen (hsy.fi, Helsinki); and L. Rantala, S. Ilomäki, and H.
Sandelin (Tampere) are gratefully acknowledged for providing
the samples. The present study is part of the activities at the
Johan Gadolin Process Chemistry Centre.

Data Availability Statement—All data are presented within the
manuscript. For further questions, please contact the corre-
sponding author at ewelina.kortesmaki@abo.fi.

REFERENCES
Aguirre‐Martínez GV, Del Valls TA, Martín‐Díaz ML. 2013. Early responses

measured in the brachyuran crab Carcinus maenas exposed to carba-
mazepine and novobiocin: Application of a 2‐tier approach. Ecotoxicol
Environ Saf 97:47–58.

Besha AT, Gebreyohannes AY, Tufa RA, Bekele DN, Curcio E, Giorno L.
2017. Removal of emerging micropollutants by activated sludge process
and membrane bioreactors and the effects of micropollutants on
membrane fouling: A review. J Environ Chem Eng 5:2395–2414.

Besse JP, Kausch‐Barreto C, Garric J. 2008. Exposure assessment of phar-
maceuticals and their metabolites in the aquatic environment: Applica-
tion to the French situation and preliminary prioritization. Hum Ecol Risk
Assess 14:665–695.

Birošová L, Mackulak T, Bodík I, Ryba J, Škubák J, Grabic R. 2014. Pilot
study of seasonal occurrence and distribution of antibiotics and drug
resistant bacteria in wastewater treatment plants in Slovakia. Sci Total
Environ 15:440–444.

Björlenius B, Ripszám M, Haglund P, Lindberg RH, Tysklind M, Fick J. 2018.
Pharmaceutical residues are widespread in Baltic Sea coastal and off-
shore waters—Screening for pharmaceuticals and modelling of envi-
ronmental concentrations of carbamazepine. Sci Total Environ
633:1496–1509.

Blaise C, Gagné F, Eullafroy P, Férard JF. 2006. Ecotoxicity of selected
pharmaceuticals of urban origin discharged to the Saint‐Lawrence River
(Québec, Canada): A review. Braz J Aquat Sci Technol 10:29–51.
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